1. Quantifying the response of mobile consumers to changes in habitat availability is essential for determining the degree to which population-level productivity is habitat limited rather than regulated by other, potentially density-independent factors.
1997). For instance, population persistence of northern spotted owls is highly dependent on maintenance of old-growth forest stands in the Pacific Northwest (Lande, 1988) . Similarly, monarch butterflies rely on common milkweed for egg oviposition and early larval feeding, and therefore, the magnitude of monarch cohorts that recruit to the overwintering population in Mexico each year is generally regulated by the abundance and distribution of this plant (Oberhauser et al., 2001 ).
Agricultural practices, such as weed control, can therefore have unintended negative consequences on monarch populations via the reduction in milkweed as available habitat.
Despite broad expectations that habitat availability underpins healthy populations of mobile consumers, quantitative links between specific habitats and the population size or secondary production of most mobile consumers remain surprisingly tenuous. This appears particularly true in marine systems, which have experienced globalscale loss of "essential" biogenic habitats such as North American saltmarshes (>40% declines, Gedan & Silliman, 2009) , seagrass beds (30% declines, Waycott et al., 2009) , mangroves (30% declines, Alongi, 2002) and shellfish reefs (65%-85% declines, Zu Ermgassen et al., 2012 ) throughout the industrial era (i.e. late 18th century to present).
Alarmingly, we are unsure how population-level production of mobile fishes, crustaceans, reptiles or mammals has responded to these dramatic alterations of habitat availability/amount. Furthermore, biogenic habitat is largely ignored in quantitative models of demersal fisheries stocks, despite the presumed central role of structurally complex benthic habitat in the foraging, refuge exploitation and reproductive requirements of fishes (Caddy, 2013) . We do acknowledge studies showing relationships between shrimp production and marsh availability (Peterson & Turner, 1994) , fish abundance and seagrass cover (Hughes, Williams, Duarte, Heck, & Waycott, 2008) , and mangrove connectivity driving coral-reef fish recruitment (Mumby et al., 2004) .
These cases stand out as notable exceptions in demonstrating quantitative relationships between habitat and production (i.e. biomass accumulation at large scales) for consumers.
Indeed, a chasm remains in "scaling-up" patch-level results of animal-habitat relationships (e.g. growth or density at m 2 scales, sensu Fahrig, 2003) to understand how availability of complex biogenic habitats impacts biomass production and accumulation of mobile taxa within broader landscapes, such as estuaries, coastlines or basins. Bridging this gap remains of wide interest across several subdisciplines of ecological research, including coral-reef ecology (e.g. habitat limitation vs. propagule redirection; sensu Holbrook, Forrester, & Schmitt, 2000) , restoration ecology (e.g. the "Field-ofDreams" hypothesis, which presumes that if you build it [habitat], they [fauna] will come, Palmer, Ambrose, & Poff, 1997) , and fisheries ecology (e.g. the attraction-production debate regarding the efficacy of artificial reef programmes, Osenberg, St. Mary, Wilson, & Lindberg, 2002) (Figure 1 ).
Several factors that operate in marine systems may decouple or confound the relationship between habitat availability and biomass of mobile consumers. While habitat availability potentially sets an upper bound on a species' carrying capacity via density-dependent growth and mortality (Tupper & Boutilier, 1995) , a number of density-independent factors may also limit the secondary production of mobile consumers that are unrelated to habitat availability.
For instance, the re-emergence of supply-side ecology in the 1980s
highlighted that populations of intertidal invertebrates could be coregulated by larval supply, and as a result, along many coastlines intertidal hard substrate goes unoccupied (Roughgarden, Gaines, & Possingham, 1988) . Thus, in strongly recruit-limited scenarios, adding or subtracting intertidal habitat could have negligible effects on overall population size. Furthermore, biomass accumulation can also be limited by pulsed abiotic stressors in highly dynamic ecosystems, such as temperature extremes (e.g. cold kills), that operate largely independent of local density or habitat availability (Gunter, 1951) .
Given these alternative regulating mechanisms, quantifying the response of mobile consumers to changes in habitat availability is a key test for determining the strength of habitat limitation on consumer populations. As habitat availability varies, we can define three primary trajectories regarding patch-scale densities (i.e. over 1-100s m 2 )
of mobile consumers that each has distinct consequences for systemlevel (i.e. whole estuary, regional) biomass accumulation (i.e. secondary production). First, as habitat increases, densities may decrease. In this scenario, other, potentially density-independent factors contribute to population regulation, and therefore, the marginal gain in biomass accumulation decreases with increasing habitat subsidies. This represents weak habitat limitation for populations of mobile consumers since the overall population size does still grow with increasing habitat availability, perhaps with additional compensatory growth or mortality as densities decrease (Rose, Cowan, Winemiller, Myers, & Hilborn, 2001 ; Figure 1a ). Second, when habitat availability increases and densities measured across that habitat remain constant, systemwide biomass accumulation scales linearly with habitat, and population sizes are tightly linked to habitat availability ( Figure 1b) . Third, increasing habitat availability could result in local density increases, particularly if threshold levels of habitat are needed to support the foraging, predator evasion, and reproductive behaviours of consumers. In this scenario, which we have termed strong habitat limitation, the marginal increase in biomass of a population grows with the addition of habitat cover ( Figure 1c) . Following this framework, we quantified the responses (density and foraging activity) of mobile fishes and crustaceans within a temperate estuary to manipulations of habitat amount and location relative to natural habitat to assess the strength of habitat limitation on biomass accumulation at landscape scales.
| MATERIALS AND METHODS

| Study site
We tested the response of mobile fishes and crustaceans to habitat subsidies in Back Sound, North Carolina, USA (34.67702 N, 76.59329 W) . Back Sound is a shallow (<2 m average depth), 27 km 2 estuarine system separated from the Atlantic Ocean by Shackleford
Island. Representative of many temperate estuaries, the Sound is dominated by unstructured soft-sediment bottom, punctuated by patchy seagrass meadows, and fringed by beaches, saltmarshes and intertidal-to-shallow-subtidal oyster reefs. However, this estuary-like many estuaries globally-has lost cover of structured habitats, making this an ideal location to determine the effects of habitat amount on population-level production (Waycott et al., 2009; Zu Ermgassen et al., 2012) . We selected a study area near Shackleford Island across broad subtidal sandflats (c. 1.5 km 2 , uniformly c. 0.5 m deep at spring low water) that allowed us to control the availability and orientation of experimental artificial reefs (i.e. habitat availability). We were interested in the numerical and foraging responses of species that utilize structured habitats, as sandflats generally represent poor habitat for our focal species (Grabowski, Hughes, Kimbro, & Dolan, 2005) . Across this sandflat, we placed experimental artificial reefs either near to (<25 m), or distant from (>100 m), natural structured habitats (i.e. oyster reefs) located along the nearest shoreline.
| Experimental design and setup
We modified an experimental design previously used by Stier and Osenberg (2010) Figure 2 ; also see Appendix S1, Figure S1 ). Following this design, if densities and feeding rates were higher in the LHA treatment relative to the HHA treatments, we concluded that consumers were simply redistributed by habitat subsidies rather than released from habitat limitation (i.e. weak habitat limitation; Figure 1a ). Conversely, if densities or feeding rates in focal artificial reefs between the LHA and HHA treatments were equivalent then we concluded habitat subsidies could linearly increase secondary production (i.e. habitat F I G U R E 1 Conceptual diagram representing the potential responses of consumers to changes in habitat availability (a-c). As habitat availability varies, local densities may decrease, remain stable or increase (I). In turn, these responses determine how regional biomass accumulation is impacted by habitat loss or gain. Also: (II) the diverse, yet related, terminology that has been applied to gage the strength of habitat limitation across subdisciplines such as coral-reef ecology, restoration (conservation biology) and fisheries; (III) the mechanisms that drive a population towards one of these three qualitative levels of habitat limitation; and (IV) the experimental results that would lead us to conclude where populations fall in a spectrum of weak to strongly limited by habitat availability (following from graphs on left). LHA stands for low habitat availability treatments, while HHA and HNHA stand for two orthogonal treatments representing high habitat availability and high-natural habitat availability, respectively limitation; Figure 1b Figure S1 for images). Five of these surrounding seven blocks were placed as singles, while the remaining two were paired so as to be identical with the central, focal artificial reef (thus allowing edge-interior comparisons within the HHA treatments as a methodological check; see Appendix S1, Table S1 ). The LHA and HHA units were deployed randomly along four parallel transect lines, and separated from all other replicates by at least 16 m, as well as >100 m from natural oyster reefs.
A total of 12 LHA and 12 HHA units were deployed. Half of these units were constructed using large cinder blocks (Beck, 1997) . Thus, each treatment had a refuge space of four holes as well as the space between cinder blocks. Our main objective was to look at the effect of added habitat subsidies on density and thus block size was not used as a treatment, but only as part of our experimental design to sample the size range of juvenile and adult crabs and fishes that commonly occupy estuarine reefs. Therefore, we summed densities from each small and large block LHA from transect 1 plus transect 2 (n = 3), as well as densities from each small and large block LHA from transect 3 plus transect 4 (n = 3) for a total of six replicates of LHA.
The same method was conducted for the HHA treatment. Large and small blocks pairing to define replicates of each treatment type was based on spatial proximity, with nearly uniform distances between all large-small block pairs based on the parallel transect lines described above (small blocks were deployed on two of the four parallel transect lines).
As an additional test of habitat-availability effects, we constructed 12 more artificial reef units along a single transect that was <25 m from natural oyster reefs located along the shoreline and immediately adjacent to our study area. Again, these units consisted of two large (n = 6 units) or small (n = 6 units) cinder blocks placed side-by-side, and were separated from each other by >16 m. Nearby natural oyster reefs, >500 m 2 in total area, could "compete" with these experimental artificial reefs for mobile consumers, analogous to the HHA treatment described above. Hereafter, we distinguish this third treatment type as high-natural habitat availability (HNHA). Again, nearest-neighbour large-and small-block reefs were pooled to define replicates of the HNHA treatment (n = 6). Thus, comparisons could be made between LHA and HHA treatments, as well as LHA and HNHA treatments, to assess the effect of habitat availability on estuarine fishes and crustaceans ( Figure 2 ).
| Field sampling
Experimental reefs were constructed in May 2012, and then sampled biweekly in June through August, as well as monthly in September and
October for a total of eight sampling periods. Every cinder-block pair that comprised LHA and HNHA treatments was sampled during each period, except during our sixth sampling trip (22-23 August 2012), when we were only able to collect data from half (n = 3, instead of 6) of the HNHA experimental reefs before having to end our trip due to severe weather. Within the HHA units, we sampled the central, focal cinder-block pair, along with the paired cinder blocks on the outside rim of each cluster.
During sampling, we enclosed each cinder block in a vexar mesh cage (holes <5 mm) to capture organisms occupying the outside or interior of the block. Caged blocks were brought to the surface to quantify the abundance of stone crabs, oyster toadfish (Opsanus tau), gobies (Gobiidae), blennies (Blenniidae) and other fauna. To track the movement of stone crabs across our experimental reefs, we glued a numbered plastic disk on each individual's carapace (stone crabs >40 mm carapace width [CW]) prior to release (sensu Beck, 1997 ).
Our experimental design was similar to Stier and Osenberg (2010) ; however, their study primarily evaluated colonization, while we examined habitat use over longer periods (incorporating density-dependent habitat selection). Therefore, unlike Stier and Osenberg (2010) , we returned organisms to the patch reef from which they were captured after each sampling effort.
F I G U R E 2 Conceptual diagram representing our experimental design. Solid black rectangles represent focal cinder blocks (two sideby-side) sampled in the low habitat availability treatment surrounded only by mudflat (LHA), the high habitat availability treatment surrounded by similar cinder blocks within the mudflat (HHA) and the high-natural habitat availability treatment near natural oyster reefs (HNHA). Bidirectional arrows reflect the statistical comparisons possible to evaluate the degree of habitat limitation for mobile estuarine taxa We attempted serial video recordings using 2 GoPro™ (HD HERO 2) cameras to quantify the abundance and foraging rates of highly 
| Statistical analyses
We compared habitat treatments separately (HHA vs. LHA and HNHA vs. LHA) for the following response variables using a repeated measures (8 sampling events) ANOVA: adult stone crab densities (CW > 40 mm), oyster toadfish densities and percentage of blocks defined by evidence of foraging. For juvenile stone crab densities (CW < 40 mm) and small cryptic fish densities (blenny and goby counts were combined because identification to species was difficult for small individuals and these species are functionally similar), we analysed the final sampling event (11 October 2012) using a one-way ANOVA. We analysed only the final sampling event for juvenile stone crabs and small cryptic fishes because recruitment of these organisms was observed to be dependent on establishment of the fouling community on the experimental reefs, which occurred over several weeks (i.e. after our first few sampling events). Stone crabs were separated by size because this species selects refuge habitat based on how shelter size matches individual's body size (Beck, 1997) . Other species we collected were excluded from analyses since only a few individuals were captured overall or they were highly mobile and not reliably sampled by our collection methods. Using the two replicate video samples from LHA and HHA treatments, we compared mobile fish abundance (sheepshead, black sea bass, planehead filefish and total fishes), foraging activity (total bites/ min) and agonistic displays (chases by sheepshead/min). Low replication precluded use of formal statistics; therefore, we consider these raw video data as informative rather than conclusive. Instead, we focus holistically on qualitative differences among treatments in the video, combined with physical evidence (i.e. grazing scars), to support our conclusions.
Additionally, we examined the movement patterns of (tagged) recaptured stone crabs to ensure that patch-by-patch densities were not due to a few crabs taking up permanent residence in particular patch reefs. We found that only 1.3% of stone crabs stayed in the same patch reefs over the course of any 2-week period (for mobile fishes, we expect that this rate was even lower). Furthermore, to ensure that differences between HHA and LHA treatments were not simply due to "edge" effects rather than habitat availability (i.e. LHA could be considered "edge" relative to the focal patch in HHA treatments), we also directly compared consumer densities between the HHA focal patch and the paired blocks included in the outer ring of the HHA treatment (see Appendix S1, Table S1 ). We found no differences in consumer densities or grazing intensity between the HHA focal patch and the paired blocks included in the outer ring of the HHA treatment (all ps > .16; see Appendix S1, Table S1 ).
Given our design, failure to reject a null hypothesis led us to the ecologically meaningful conclusion that taxa were indeed habitat limited, elevating the potential threat posed by type II statistical error.
We note, however, that our core conclusions were likely robust against this concern as: (1) we were able to document highly significant differences among treatments for several taxa based on our sampling design (i.e. our replication provided sufficient power to detect differences among treatments); (2) we set our alpha at 0.1 instead of 0.05; and (3) for taxa not exhibiting statistically significant differences, means were nearly identical (consistent across all sampling events), or the trend was for higher abundances in the HHA vs. LHA treatments (e.g. mobile fishes), and p-values were typically >.3. Therefore, these are not likely scenarios in which further sampling power would reveal ecologically meaningful treatment differences that would alter our conclusions regarding habitat limitation. Analyses were performed using jmp software version 9.0 (SAS Institute, Inc., Cary, NC, USA ).
| RESULTS
The response of consumers to increasing habitat availability varied across taxa and between life stages (for stone crabs). In comparing LHA vs. HHA treatments at the last sampling event, we found approximately three times more juvenile stone crabs in the low habitat availability arrays (M ± SE: 8.2 ± 1.2 individuals per experimental reef) compared to the high habitat availability arrays (2.5 ± 1.1 ind./reef) (Figure 3a ; see Appendix S1, Table S2 : p < .001). Similarly, we found nearly twice as many small cryptic fishes in the LHA arrays (5.8 ± 0.8 ind./reef) compared to the HHA arrays (3.5 ± 0.8 ind./reef), demonstrating that as habitat availability increased, local density decreased (weak habitat limitation) (Figure 3d ; see Appendix S1, (Figure 3e ; see Appendix S1, Table S2 ; p < .001). Similarly, we found nearly two times more small cryptic fishes in the LHA arrays (5.8 ± 0.8 ind./reef) compared to the HNHA arrays (3.0 ± 0.9 ind./reef) demonstrating again that as habitat availability increased, local density decreased (weak limitation) (Figure 3h ; see Appendix S1, (Figure 3a,d,e,h ). Thus, we consider the results of the final sampling event to be representative of the entire 5-month study.
In contrast, we found no difference in densities between the LHA and HHA treatments for adult stone crabs (p = .588) and oyster toadfish (p = .353) through time, thus indicating that each of these taxa was habitat limited (Figure 3b ,c; see Appendix S1, Table S4 ). For adult stone crabs and oyster toadfish, we also recorded no difference in density between LHA and HNHA arrays through time (adult stone crabs: p = .324; oyster toadfish: p = .675; Figure 3f -g; see Appendix S1, Table S4 ). Furthermore, raw means across time were strikingly and consistently similar between LHA and HHA/HNHA treatments for adult stone crabs and oyster toadfish (see Appendix S1, Table S5 : p = .609 and p = .136, respectively).
Averaged across time, there was a 1.4 fold increase in foraging on the HHA arrays (6.7 ± 1.8% reef foraged on) compared to LHA arrays (4.9 ± 1.1% reef foraged on) suggesting that as habitat availability increased, trophic transfers also increased (strong habitat limitation) (Figure 4a ; see Appendix S1, Table S6 : p = .009). However, there was no difference in the percentage of foraging evidence on reefs (averaged across time) between the LHA arrays (4.9 ± 1.1% reef foraging on) and the HNHA arrays (3.3 ± 1.0% reef foraged on) (habitat limitation) (Figure 4b ; see Appendix S1, Table S6 : p = .211).
We do note that these orthogonal approaches agreed in suggesting, at a minimum, habitat limitation, and in both analyses, there was no interaction of time and treatment (see Appendix S1, Tables S6 and   S7 ).
We observed four fishes in our video captures: sheepshead, black sea bass, planehead filefish and pinfish. Total fish counts were 1.0 ± 0.2 fishes/video-frame in the HHA array and 0.2 ± 0.1 fishes/ video-frame in the LHA array (Figure 4c ). Both black sea bass and planehead filefish were absent from LHA treatments during our two video samples, but were present in HHA arrays (0.4 ± 0.1 black sea bass/video-frame; 0.1 ± 0.1 planehead filefish/video-frame).
Sheepshead was 2.5 times more abundant in HHA arrays (0.5 ± 0.1 sheepshead/video-frame) than LHA arrays (0.2 ± 0.1 sheepshead/ data frame).
Evidence of foraging activity in videos largely followed patterns Since all of the species observed on our experimental reefs are expected to utilize biogenic habitats during one or more life stages for refuge or food, a strong link appears to exist between habitat use and carrying capacity for these taxa in estuarine systems (Lehnert & Allen, 2002) . We found many of these species exhibited (at a minimum) habitat limitation during at least one stage of their life history, which could present a population bottleneck based on habitat access. Therefore, community-wide consumer biomass accumulation appears limited by the availability of structurally complex habitat in this temperate estuarine assemblage. These findings provide additional insight for how global declines in structurally complex biogenic habitats (Alongi, 2002; Waycott et al., 2009; Zu Ermgassen et al., 2012) may have reduced the overall nekton production of coastal ecosystems.
In addition to taxon-specific numerical and foraging responses to uge substrate such as shell fragments, loose debris and drift algae that function similarly to the crevices among the fouling community on our experimental reefs (Krimsky & Epifanio, 2008) . This disparate response to habitat subsidies across stone crab life history is consistent with past research from the Gulf of Mexico demonstrating that size-specific refuge bottlenecks occur in later-stage juvenile and adults (25 mm and 100 mm sizes, respectively) of Medina adina and M. mercenaria hybrids, potentially limiting production in both species (Beck, 1995 (Beck, , 1997 . Stone crabs are common residents among complex, high-relief oyster reefs (Lehnert & Allen, 2002) ; however, eastern oyster reefs have declined by 85% in North Carolina (and globally; Zu Ermgassen et al., 2012) , potentially resulting in a lack of size-appropriate refuges for later-stage juvenile and adult stone crabs in our study system, thus creating a bottleneck in population fitness. Indeed, during the second half of our study we collected, on average, one adult stone crab from each small patch reef in both LHA and HHA treatments, indicating there are many individuals across an estuarine landscape searching for suitable habitat. Thus, it is important to note that even though juvenile stone crab abundances appear to be only weakly limited by habitat availability, overall stone crab populations are habitat limited via the requirements of reproductive individuals (which likely means that habitat also indirectly affects the size of juvenile stone crab cohorts). Habitat subsidies also created a secure refuge for adult female oyster toadfish and blue crabs that had deposited or were carrying, respectively, fertilized eggs (D. Keller, personal observation) . In several instances, we even collected dozens of newly hatched toadfish (not included in toadfish CPUEs) in both our LHA and HHA/HNHA experimental reefs, indicating that habitat subsidies could lead to an increase in oyster toadfish biomass at population-level scales.
A general concern in conducting field experiments relates to scale:
is the size of a manipulation (habitat subsidy in this case) relevant for focal species, and are treatments spaced appropriately to function independently? The sizes of our experimental units, although relatively small (LHA, HHA, HNHA; c. 0.5-3.0 m in diameter), are representative of the size of constructed patch reefs in our study region (sensu Grabowski et al., 2005; Fodrie et al., 2014) and are thus appropriate for exploring animal-habitat relationships within this community. Of more concern in this study is whether 16-m spacing among treatments was sufficient to allow individuals to identify LHA treatments as truly isolated habitat patches. Notably, previous habitat availability studies with adult stone crabs have used experimental designs with treatments separated at smaller distances (Lindberg, Frazer, and Stanton [1990] :
2 m apart; Beck [1995 Beck [ , 1997 : 1 m apart) than what we used here. We cannot, however, claim complete isolation, and thus, absolute independence between our experimental treatments. Indeed, most species are capable of wider movement than the scale of the study system and thus the maximum dispersal distance (a rate not usually known) is not a feasible scale to evaluate the independence of treatments within field experiments (Gaillard et al., 2010) . Empirical studies can nevertheless quantify selection of different structured habitats at small spatial scales and thereafter determine how the survival and reproductive performances apply to population levels at larger scales (Gaillard et al., 2010) . In this regard, we do emphasize our units were likely located at a reasonable distance to detect ecologically meaningful results with regard to habitat selection and use (sensu Fodrie et al., 2014; Gittman et al., 2016) .
A key consideration in evaluating the broader implications of our experimental findings relates to whether we may "scale up" our conclusions to habitat manipulations over 10s and 1,000s of metres. Indeed, each of our experimental patch reefs consisted of footprints between 0.5 and 3.5 m 2 , which are considerably smaller than the extent of most saltmarsh, seagrass, oyster reef or mangrove habitats. Still, several lines of evidence suggest our findings are informative and generalizable over larger (estuarine) scales. Not only were the results from our constructed and natural habitat (HHA and HNHA) experiments qualitatively consistent in the strength of habitat limitation, but the observed organism densities (Figure 3 ) and grazing rates (Figure 4a ,b) were also remarkably similar. Consumers (e.g. stone crabs, sheepshead) that were habitat limited in our isolated reef experiment (100-300 m away from structured habitat)
were also habitat limited and maintained nearly identical densities, even when in close proximity (<25 m) to natural oyster reefs that extended over several hundred square metres. Were we to reproduce our experimental patch reefs throughout Back Sound, we anticipate that this would have an important positive effect on the population sizes and structure of estuarine consumers (sensu Beck, 1997) . Moreover, we see this in terrestrial systems. Souter, Bull, and Hutchinson (2004) simply excavated holes in grassy woodlands and found increases in local recruitment and population density of the endangered pygmy blue tongue lizard, Tiliqua adelaidensis. These lizards rely on burrow availability for refuge and foraging opportunities, just as stone crabs, toadfish and sheepshead depend on reef availability for refuge and foraging habitat. In this broader context across scales and systems, our study provides support for biogenic habitat restoration as a viable conservation strategy for mobile species population maintenance in the coastal ocean.
While we identified several factors a priori that determine the strength of habitat limitation (Figure 1) , our experiments likely revealed additional trait-based drivers of weak-to-potentially strong habitat limitation for estuarine consumers. Both juvenile stone crabs and small cryptic fishes (i.e. blennies and gobies) were not found to be habitat limited in our study. For very small individuals such as these, suitable refuge and forage sites may be ubiquitous in estuarine systems even without the presence of structured habitats. Rather, loose (individual) shells, worm tubes and drift algae/ detritus may all serve as suitable habitat for small (c. 2 cm) mobile nekton (Krimsky & Epifanio, 2008) . Consequently, the fitness of these individuals is largely unrelated to the availability of conspicuous biogenic habitat (i.e. weakly limited). Conversely, larger fishes and crustaceans-especially those in search of refuge habitat key for reproduction (e.g. safe mating or egg laying spaces ; Conner & Rudolph, 1991) , such as adult stone crabs and toadfish in our study, are unable to access "microhabitats" such as shell fragments.
Therefore, larger (>5 cm) reproductive individuals may be especially sensitive to the availability of structurally complex marsh, seagrass or oyster reef in temperate estuaries. More broadly, highly mobile consumers with established territories (e.g. lions; Valeix, Hemson, Loveridge, Mills, & Macdonald, 2012) , stopover sites (e.g. migratory birds; Moore & Yong, 1991) or that defend algal farms or brood sites (e.g. reef fish; Robertson, 1996) are likely to require threshold levels of habitat that allow conspecifics to co-exist on the same habitat patch (strong limitation as potentially expressed by sheepshead).
Our findings expand on an emerging literature mechanistically exploring whether loss and disturbance of structurally complex coastal habitats will affect secondary and tertiary production (Yeager, Acevedo, & Layman, 2012) . For instance, McArthur and Boland (2006) estimated a production loss of $235,000/year following a 16% decline in South Australian seagrass cover over 100s of kilometres. This estimate, however, was derived from static density measurements in extant seagrass meadows, and therefore, a major source of uncertainty in this figure results from ambiguity in the functional response of seagrass-associated fishes to changes in habitat cover. Equally important, the efficacy of large-scale habitat restoration as a fishery management tool relies on an improved ability to define the level of habitat-based population regulation for harvested species (Peterson, Grabowski, & Powers, 2003) . Our data suggests that system-wide biomass accumulation follows from habitat subsidies in a temperate estuary, and provides new mechanisms demonstrating why both habitat conservation and restoration in the coastal ocean are laudable priorities in ecosystem-based management initiatives.
